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Mining activities cause high levels of nitrogen in the process water. The nitrogen 
originates from the blasting procedure, where undetonated explosives in the form of 
ammonium nitrate dissolve in the water. Part of the water is discharged to receiving water 
bodies where it may cause environmental problems. To meet current regulations, the 
nitrate concentration in the discharge water needs to be reduced. Two nitrate removal 
systems were studied in the thesis, denitrifying bioreactors and pond sediments. The 
overall aim was to identify and investigate factors affecting microbial nitrate removal in 
the systems. This was done by analysing the microbial communities in the systems using 
molecular methods and biochemically by measuring denitrification rates.  
We reported for the first time a pilot-scale denitrifying bioreactor treating mining 
water. The reactor efficiently removed nitrate after addition of external carbon. There 
were indications on preferential flow paths in the reactor, hence probably only a part of 
the substrate volume contributed to the removal. In a laboratory experiment we tested 
different reactor substrates; barley straw and Carex rostrata supported higher nitrate 
removal rates than woodchips did. Initially, there was an increase in bacterial alpha-
diversity in all reactor types and when the bacterial community stabilised, it was reflected 
in more stable nitrate removal rates, most obvious in the woodchip reactors. All three 
substrates developed distinct bacterial communities. The denitrification rates in pond 
sediments from the LKAB mining site in Kiruna, Sweden were limited by organic carbon 
availability. A microcosm experiment showed that treating the sediment with carbon for 
a period can increase the rates. However, the choice of carbon type impacts the metabolic 
pathways in the system and adverse effects in the form of methane production and 
accumulation of ammonium were observed in the treatment with carbon in the form of 
algae.  
To conclude, constructed systems where denitrification takes place can successfully 
remove nitrate from mining waters. Organic carbon quality and availability is a crucial 
factor for the removal efficiency and for determining the composition of the microbial 
communities performing the reduction of nitrate.  
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community 
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Abstract 
 
 
Gruvdrift orsakar höga halter av kväve i det vatten som cirkuleras i processen. Kvävet 
kommer från arbetet med att spränga; de sprängämnen som inte detonerar löses upp i 
vattnet i form av ammoniumnitrat. En del av vattnet släpps ut i de omgivande 
vattendragen där det kan orsaka miljöproblem. För att uppfylla gällande bestämmelser 
måste nitratkoncentrationerna i utsläppsvattnet minskas. I avhandlingen studeras två 
system för att reducera nitrathalterna, denitrifierande bioreaktorer och dammsediment. 
Avhandlingens övergripande mål var att identifiera och studera faktorer som påverkar 
mikrobiell nitratreducering i systemen genom att göra biokemiska och mikrobiologiska 
analyser. Vi använde molekylära metoder för att studera hur mikrobsamhällena i 
systemen var sammansatta och denitrifikations-hastigheten användes som ett mått på den 
biokemiska aktiviteten. Vi beskrev för första gången en denitrifierande bioreaktor som 
reducerade nitrathalten i gruvvatten. Reaktorn avlägsnade nitrat ur vattnet effektivt, men 
först efter tillsats av organiskt kol. Flera av resultaten tydde på att det fanns olika 
flödesvägar genom reaktorn, följaktligen bidrog inte hela reaktorvolymen till 
nitratreduktionen. Tre möjliga substrat för bioreaktorer testades i ett laboratorieförsök; 
strå av korn och starren Carex rostrata reducerade nitrathalten mer effektivt än vad träflis 
gjorde. I början av experimentet ökade den bakteriella alfa-diversiteten i alla reaktortyper 
och när ökningen planade ut reflekterades det i nitratreduceringen, tydligast i 
träsflisreaktorerna. Unika bakteriesamhällen utvecklades i alla tre substrat. 
Tillgängligheten av organiskt kol begränsade denitrifikationen i dammsediment från 
LKAB:s gruvområde i Kiruna. Ett annat försök visade att en periods kol-tillsatser till 
sedimentet kan öka denitrifikationen. Valet av koltyp påverkar vilka metabola vägar som 
uttrycks i systemet och vi kunde se negativa effekter i form av metanproduktion och 
anrikning av ammonium i vattnet när kol tillsattes i form av alger. Sammanfattningsvis, 
konstruerade system där denitrifikation äger rum kan avlägsna nitrat från gruvvatten. 
Typen av och tillgången till organiskt kol är en avgörande faktor för systemens 
effektivitet och för vilka specifika mikrobsamhällen som utvecklas i dem.  
Nyckelord: denitrifikation, passiva system, denitrifierande bioreaktor, sediment, 
mikrobiellt samhälle 
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For thousands of years, man has used metals for adornments, tools and weapons. 
During the Bronze Age, man developed skills to process ore and work metal. 
The Bronze Age was followed by the Iron Age, in northern Europe around 500 
BC, and iron was extracted from pieces of bog ore found in bogs and lakes. It is 
believed that it took until 1100 AD before ore from bedrock could be used as a 
source for metals. 
Traditionally, the rock was cracked with the help of heat from fires, and the 
first evidence of using explosives is from 1627 in Slovakia (Heiss and Oeggl, 
2008). In modern mining, ANFO (ammonium nitrate mixed with fuel oil) is the 
most commonly used explosive (Forsyth et al., 1995). Ammonium nitrate is 
easily dissolved in water and incomplete detonation of the explosives as well as 
spillage during handling results in reactive nitrogen (N) in ground water, process 
water and in leachates from waste-rock dumps. Eventually, part of the water is 
discharged and may have negative environmental impacts in the receiving 
waters. This is of special concern since primary production in many lakes in high 
latitude regions, where many mines are located, is typically limited by nitrogen 
in those areas (Bergström et al., 2013). High levels of nitrogen thus cause 
eutrophication and in addition, both ammonium and nitrite are toxic to water-
living organisms (Camargo and Alonso, 2006). It has been shown that mining 
activities do elevate total nitrogen concentrations in waters receiving mining 
effluents (Chlot et al., 2013). 
Current water legislation in Sweden is under the European Water Framework 
Directive, which states that all lakes greater than 0.5 km2 must show at least 
good ecological status by 2021 (EU Commission 2000). The major reason for 
many surface waters not currently reaching good ecological status in Sweden is 
eutrophication. To avoid costly restoration of water bodies, mining companies 
need to find effective solutions for mitigating the nitrogen concentrations in the 
discharge water. 
1 Introduction 
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There are a number of technics for nitrogen removal from water. Physical 
and chemical methods are available (Jermakka et al., 2015), but the majority of 
them are not suitable for mining effluents. Instead, biological methods where 
microorganisms convert the soluble nitrogen species to gaseous compounds are 
more suitable ways of removing the nitrogen. In order to be economically 
feasible for large volumes of water, industry is interested in so called passive or 
semi-passive solutions, i.e. processes with no or only little input in the form of 
energy or material once the system is built and in use. Thus, there is a need to 
develop other solutions than the traditional nitrogen removal processes used for 
example in wastewater treatment plants.  
1.1 Aims and objectives 
This thesis is part of the Vinnova project miNing where the overall objective 
was to identify and investigate passive or semi-passive treatment systems for 
mine discharge water. The systems should, when implemented in full scale, 
remove enough nitrogen for the receiving waters to have nitrogen concentrations 
in compliance with national and international legislation. To address the aim, I 
have studied two systems for microbial nitrogen removal, denitrifying cellulose-
based bioreactors and the existing tailings ponds at a mining site. If nothing else 
is stated, “bioreactor” and “reactor” refers to denitrifying cellulose-based 
bioreactors in the following text. The specific objectives in the studies included 
in this thesis were to: 
Paper I.  
In a field pilot-scale reactor for nitrate removal: 
i) determine the treatment capacity.
ii) investigate if there were preferential flow paths.
iii) determine the distribution and abundances of denitrifying and
anammox bacterial communities.
Paper II. 
In a laboratory experiment: 
i) evaluate three cellulose-based substrates for their suitability as
electron donors for denitrifying bioreactors at low temperature.
ii) analyse the development of microbial community compositions in
the reactors in relation to nitrate removal rates.
11 
Paper III.
In a field study and in a laboratory experiment: 
i) investigate the denitrifying capacity and microbial community
compositions in the sediments of the tailings and clarification ponds
at a mine site.
ii) determine if the denitrification rates in the sediments could be
enhanced.
iii) investigate which functional groups and community members that
were dominating in the sediments after enhancement.
iv) monitor potential negative effects from the treatments aiming at
enhancing denitrification.
12 
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Nitrogen can have seven different oxidation states, from +5 in nitrate to -3 in 
ammonia, ammonium and when bound in organic compounds, giving the 
opportunity for numerous transformations between the different states. Although 
abiotic photo- and thermochemical reactions are observed, the majority of the 
nitrogen transforming reactions are mediated by microorganisms. The so far 
known microbial transformations in the biogeochemical nitrogen cycle cannot 
be described using a “cycle”, they are reactions connected in a network, where 
many of the reactive compounds can take several directions (Kuypers et al., 
2018). To further complicate the picture, nitrogen is also assimilated and 
incorporated into biomass by all organisms and subsequently mineralized to 
ammonium during decay. 
2.1 Anaerobic nitrate removal 
There are several microbial reactions that permanently remove nitrogen from 
water by reducing nitrate. These occur mainly under anoxic conditions. The 
starting point is the reduction of nitrate to nitrite, and the nitrite can then take 
two routes leading to three different nitrogen-transforming pathways: 
denitrification, anaerobic ammonium oxidation (anammox) or dissimilatory 
nitrite reduction to ammonium (DNRA; Fig.1). The first two processes end with 
gaseous nitrogen compounds, whereas DNRA leads to the production of 
ammonium. From a nitrogen removal perspective, this is a critical point for the 
fate of nitrate; will it be retained in the water in the form of ammonium or will 
it leave in the form of a gas? However, during denitrification the gases nitric 
oxide (NO) and nitrous oxide (N2O) can be produced. Thus, even if the nitrogen 
is removed from the water phase, it can still have a negative environmental 
2 Microbial nitrogen transformations and 
methods used 
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impact as N2O is a powerful greenhouse gas and NO contributes to acid rain and 
depletion of the ozone layer.  
 
Figure 1. Reactants and end-products in anaerobic nitrogen transformation pathways. 
Denitrification 
Denitrification is an anaerobic respiratory pathway in which soluble nitrate or 
nitrite is stepwise reduced to gaseous compounds (Fig. 2a). The process is a 
facultative trait, triggered by low oxygen tension and the availability of a 
nitrogen oxide that can serve as electron acceptor, although aerobic 
denitrification has been observed for some bacteria (Zumft, 1997). Since 
nitrogen oxides are less effective electron acceptors than oxygen, meaning less 
energy is conserved, denitrification is down regulated in the presence of oxygen 
(Chen and Strous, 2013) and there are so far no known bacteria that use 
denitrification as the sole means of conserving energy in the form of ATP 
(Shapleigh, 2013). Microorganisms capable of performing all four steps from 
nitrate to dinitrogen gas (N2) have sometimes been referred to as canonical 
denitrifiers (Stein and Klotz, 2016). However, with increasing knowledge it has 
become clear that the pathway is modular, i.e. microorganisms harbour different 
sets of the genes encoding for the enzymes needed for catalysing the full reaction 
(Graf et al., 2014; Zumft, 1997) and complete denitrification by a single 
organism might be the exception rather than the rule (Kuypers et al., 2018).  
Denitrifiers are found in nearly all environments that receive oxygen to some 
extent (Shapleigh, 2013) and there are denitrifiers in all three domains of life. 
Most of the known bacterial denitrifiers belong to the Proteobacteria (Shapleigh, 
2013; Philippot et al., 2007), but there are also members in a number of other 
phyla, for example in Firmicutes and Bacteroidetes (Graf et al., 2014). In the 
domain Eukarya, denitrification has been described in fungi (Maeda et al., 2015; 
Shoun et al., 1992) and in Foraminifera (Risgaard-Petersen et al., 2006; Woehle 
N2O
NH4+
N2
DNRA
Denitrification
Anammox
NO2-    
NO3-
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et al., 2018). The overall reaction for denitrification with organic carbon (C) as 
the electron acceptor is depicted below. 
 
4 NO3- + 5 CH2O  → 2 N2 + 4 HCO3- + H2CO3 + H2O 
 
The first step, reduction of nitrate to nitrite is a widespread trait (Kuypers et al., 
2018) and not restricted to denitrifiers since the nitrite produced can be used also 
in other pathways (Stein and Klotz, 2016) or not be further reduced at all. In 
denitrifiers, the two most common nitrate reductases catalysing this step are the 
cytoplasmic NAR and the membrane bound NAP, encoded by the genes narG 
and napA respectively. The reaction is most often coupled to oxidation of an 
organic compound, but inorganic molecules as sulphur compounds or metals can 
also act as reducing agents (Hayakawa et al., 2013; Zhu and Getting, 2012). 
Abiotic reduction of nitrate to nitrite can occur as well, for example due to 
photodecomposition (Warneck and Wurzinger, 1988).  
  
Figure 2. Microbially mediated anaerobic nitrogen transformations. a) Denitrification, b) 
anammox, c) dissimilatory nitrite reduction to ammonium, DNRA. Small text indicate genes 
encoding for the enzymes catalysing the reactions. In this thesis, nirS, nirK, nosZ, hdh and nrfA 
have been used as targets for quantification of abundances of functional bacterial communities. 
The second step reduces nitrite to NO. The cytochrome-like and iron-
dependent nitrite reductase cd1NIR catalysing the reaction is encoded by nirS 
and the copper dependent Cu-NIR by nirK. Most organisms having a nir gene 
harbour only one them, but it has recently been shown that they can coexist in 
the same genome (Graf et al., 2014). 
Nitric oxide is a cytotoxic molecule (Fang, 2004), so the third step in 
denitrification is, as the first step, a widespread trait. Microorganisms reduce NO 
NO2-            NH4+
NO2-            NO         
NO    +   NH4+             N2H4            N2
NO3-            NO2-            NO            N2O            N2
nosZ
nirS
nirK
nirS
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a
c
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either for detoxification or for respiration and the group of enzymes responsible 
is diverse. 
Finally, the N2O may ultimately be reduced to N2 by a copper dependent 
N2O reductase, NOS. This microbial reaction is the only known sink of N2O 
and about 60 % of the organisms having a nir gene also have nosZ (Graf et al., 
2014). Two phylogenetically distinct clades of nosZ genes have evolved, nosZI 
and nosZII, and there are organisms that do not produce, but only reduce N2O 
(Jones et al., 2013; Sanford et al., 2012). There is no gene for N2O recuction 
found in fungi (Maeda et al., 2015). 
Denitrification can also be autotroph, where hydrogen, iron or sulphur 
compounds serve as electron donors (Xing et al., 2018; Herrmann et al., 2017; 
Kumaraswamy et al., 2006).  
Anammox 
Anammox is a relatively recently discovered process (Mulder et al., 1995). 
Overall, ammonium is oxidised with nitrite as electron acceptor through a series 
of reactions that take place in the anammoxosome, a membrane bound structure 
in anammox bacteria. The end products of anammox are N2 and water (Fig. 2b). 
One of the intermediates is the energy rich compound hydrazine formed from 
NO and ammonium in a complicated two-step reaction proposed to take place at 
different reactive sites within the same enzyme, hydrazine synthase, HZS, 
encoded by the gene hds (Dietl et al., 2015). Last, oxidation to N2 is mediated 
by hydrazine dehydrogenase, HDH (Maalcke et al., 2016), also known by its 
former name hydrazine oxidoreductase, HZO (Schmid et al., 2008). The gene is 
named hdh, but consequently also known as hzo. 
Anammox is only found in a limited number of bacteria, namely in five 
genera in the phylum Planctomycetes (Jetten, 2015). Ecologically, it has become 
evident that anammox plays an important role in the oceans and in oxygen 
minimum zones, where it contributes substantially to nitrogen removal 
(Dalsgaard et al., 2005). The anammox bacteria are autotrophs and growth is 
favoured by the absence of organic carbon sources (González-Cabaleiro et al., 
2015; van de Graaf et al., 1996).  
DNRA 
DNRA is the reduction of nitrite to ammonium (Fig. 2c). The reaction is 
catalysed by the nrfA encoded formate-dependent cytochrome c nitrite 
reductase, in which the six-electron reduction of nitrite is performed without 
releasing any intermediate molecules (Einsle et al., 1999). Microorganisms can 
17 
 
use DNRA for growth, but the pathway might also be used for detoxification of 
nitrite or hydroxylamine, using other reductases (Kuypers et al., 2018).  
The reduction can be performed by many microorganisms, including taxa 
within most bacterial lineages, but also among methane-oxidising archaea, and 
some diatoms and fungi (Kuypers et al., 2018; Kamp et al., 2015). Reducing 
conditions and high C/N ratios favour the process (Hardison et al., 2015; Kraft 
et al., 2014; Rütting et al., 2011), and it is found in anoxic environments such as 
wetlands, peatlands and sediments (Putz et al., 2018; Song et al., 2014; Davis et 
al., 2008).  
2.2 Methods 
Two methods for quantification of parameters important for understanding 
nitrogen turnover in anaerobic environments have been used extensively in this 
thesis.  
Potential Denitrification Activity 
A procedure for measuring the potential denitrification activity, PDA, based on 
acetylene inhibition was first described in 1976 (Yoshinari and Knowles, 1976). 
Since then, the method has been modified several times (e.g. Tiedje et al., 1989) 
and I have used the approach suggested by Pell et al. in 1996, recommending 
that the assay should be performed without chloramphenicol. Chloramphenicol 
not only inhibits the synthesis of new enzymes, but also affects the activity of 
already existing enzymes and the denitrification rates are thereby 
underestimated. Instead, the growth rate of the denitrifying community should 
be accounted for when calculating the denitrification rate. 
The principle is to incubate a water slurry of the sample in a closed bottle 
under anoxic conditions with non-limiting concentrations of the substrates 
nitrate and carbon. The activity in the sample will hence be limited by the 
amount of the denitrifying enzymes in the sample. Acetylene is added to inhibit 
the activity of the nitrous oxide reductase, causing all N2O produced to 
accumulate and preventing further reduction to N2. The accumulation of N2O is 
followed over time and the denitrification rate is calculated by regression of N2O 
concentrations versus time. By omitting the carbon addition to the slurry, it can 
be determined if the activity is limited by carbon availability and by excluding 
acetylene, the net nitrous oxide production can be quantified. 
There are a number of pitfalls when using PDA as a measure of 
denitrification in sediments. The N2O produced is partly dissolved in the water 
phase of the slurry and to correctly account for that, the final slurry volume needs 
18 
 
to be determined in every single sample since the water content in sediment 
samples can vary substantially. The endemic denitrification capacity can be very 
low and long incubation times might be needed to produce detectable amounts 
of N2O. Long incubation times can cause difficulties in interpreting the data. In 
the beginning of the incubation, the N2O production rate is linear but with 
increasing time the microorganisms start growing and the relation between N2O 
produced and time becomes exponential. When doing the regression, growth is 
accounted for, but it can be difficult to fit an exponential function to data with 
an extended lag phase. Low activity may also result in lower than air N2O levels 
in the sampled gas, which needs to be recognized before performing the assay.  
Quantitative PCR 
Quantitative polymerase chain reaction (qPCR) has been used to study the 
abundance of specific microbial taxa and functional microbial communities in 
environmental samples the last 10-15 years (Graf et al., 2016; Wessén et al., 
2011; Fierer et al., 2005). The basic principle for qPCR is to follow the 
exponential increase in the number of amplicons produced in the PCR reaction. 
This can be done by using DNA-binding fluorescent dyes and absolute 
quantification is done from standard curves, as in any analytical procedure. The 
many steps from DNA extract to number of gene copies per unit sample give 
numerous challenges along the way.  
Quantitative PCR requires that the Taq DNA polymerase (Taq) is not 
hindered in its efficiency to amplify the DNA, otherwise the result will not be 
quantitative. Inhibition of the reaction can be due to sub-optimal performance of 
the Taq or because the target DNA is not accessible, both problems originating 
from inhibitory substances in the matrix present in the reaction mix. Inhibitors 
are often co-extracted with the DNA and different sample types have their 
typical inhibitors. Hence, it is crucial to confirm that the amplification in each 
single DNA extract is free from inhibition under the conditions used in the 
quantitative assay. This can be done in several ways, and the method used in this 
thesis is plasmid addition and comparing amplification in presence or absence 
of the sample.  
In addition, it is often challenging to design primers for functional genes and 
one should bear in mind that only part of the target community is typically 
covered (Bonilla-Rosso et al., 2016). Further, due to variabilities in the primer 
target sites, degenerate primers are often used for functional genes. They contain 
a mix of primers to allow for the amplification of gene sequences that are similar 
but not identical. This contributes to an amplification efficiency below 95 %, 
which is often found when quantifying functional gene abundances in 
environmental samples. 
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The fieldwork connected to the papers in this thesis was performed at the mining 
company Loussavaara-Kiirunavaara Aktiebolag (LKAB) mine sites, in 
Malmberget (paper I) and in Kiruna (papers II and III). 
3.1 Water flows and nitrogen transports at mine sites 
During blasting operations, not all of the explosives loaded in the bore holes 
prepared detonate and the ammonium nitrate in the ANFO explosives is readily 
dissolved in the infiltrating groundwater. Undetonated explosives are also 
adsorbed to the waste rock and enters the process water via being washed out 
from waste rock deposits, percolating into the groundwater and again pumped 
up from the mine (Nilsson and Widerlund, 2017). Yet another route for the 
ammonium nitrate is via the processing plants, where it is washed out from the 
ore during the milling, separation and flotation processes.  
The typical water transport ways at an underground mine are depicted in 
Figure 3. As sublevel caving is done below the ground water table, the surface 
and ground water leaching into the mine needs to be removed. The water is 
transported to high reservoirs via underground pump stations and is 
subsequently used in the processing plants. From the plants, the tailings slurry is 
pumped to a pond where the tailings are deposited. The water then flows into a 
clarification pond where it is retained before being recirculated to the reservoirs 
or being discharged to the receiving waters.  
3 Site Descriptions  
20 
 
  
Figure 3. Water flows at a sublevel caving mine site. Points where nitrogen 
enters the flow paths are depicted with yellow circles. 
3.2 The Kiruna and Malmberget mine sites 
The LKAB mine sites are located in the north of Sweden. The region has a sub-
arctic climate with mean annual temperatures below zero, Kiruna airport -1.7 °C 
and Malmberget -0.6 °C. At both locations, the temperature is above zero during 
the period May to September, but only June, July and August have mean 
temperatures above 10 °C (annual mean values 1961-1990, SMHI 2018). Both 
sites are surrounded by peatlands and deciduous forest dominated by birch and 
willows and the vegetation period is around 120 days (SLU 2006).  
The two ponds at the Kiruna mine site (Fig. 4) have a total water volume of 
circa 3.0 Mm3 and the retention time in the ponds is around 15 days. The water 
flows by gravity from the tailings pond into the clarification pond, after which 
most of it, 90 %, is recirculated to the reservoirs at the processing plants. The 
rest of the water leaves the pond by gravity and is discharged into the Mettä-
Rakkurijoki water system, from there to the Kalix river and last into the Bothnian 
Bay. During the period 2015 to 2017, annually 9.4 Mm3 water with a nitrate 
concentration of 27.3 mg L-1 was discharged from the clarification pond (mean 
values, LKAB environmental reports 2015-2017). 
+N
+N
+NPond
Waste rock pile
Processing
plant
Water
reservoir
To receiving
waters
21 
 
  
Figure 4. The LKAB mining area in Kiruna. The numbers in the ponds refer to the sampling points 
in paper III. Illustration: Matt Baida, Cedervall Arkitekter. Printed with permission. 
At the Malmberget mine site the discharged  water volume is smaller, 6.7 Mm3 
but the nitrate concentration at the discharge point is higher, 34.8 mg L-1 (mean 
values, LKAB environmental reports 2015-2017). The water from the ponds in 
the Malmberget mine area falls into the Lina river and finally also empties into 
the Bothnian Bay. 
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Cellulose-based bioreactors for nitrogen removal from water can be constructed 
and operated at relatively low cost and in the last decade the technology has been 
well established (Christianson and Schipper, 2016). The main application is 
treating agricultural drainage rich in nitrate, whereas treatment of nitrogen -
contaminated water from mining industry is so far less explored. A quick search 
in the Web of Science database (2018-07-16) for “denitrifying bioreactor” gave 
244 results in the recent five years. Only five publications were left after refining 
the search using “mining” as a search term, and two of the five articles were 
directly connected to the same project(s) as in this thesis.  
In principle, a cellulose-based bioreactor is an arrangement that allows 
contaminated water to flow through a porous organic material, the substrate. In 
the case of denitrifying reactors, the substrate releases organic carbon 
compounds that are used as electron donors when the nitrate is reduced to 
nitrogen gases via denitrification by denitrifying microorganisms. The substrate 
also serves as a surface for biofilm growth. The construction can be in the form 
of walls, layers or compartments/beds, and which design to choose depends on 
if the discharge is diffuse or concentrated, on hydrologic conditions and of the 
specific site constraints (Schipper et al., 2010b). 
4.1 Substrate types and nitrate removal performance 
The nitrate removal capacity of a bioreactor depends on its design, including the 
substrate used, as well as on other factors such as temperature, hydraulic 
retention time (HRT), influent nitrate concentrations and age. 
Substrates 
The most common material in field-scale reactors is woodchips; it is cheap, 
easily available, supports high permeability and has a high C:N ratio (Schipper 
4 Bioreactors for nitrogen removal  
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et al., 2010a). The slow release of carbon from woodchips has the advantage of 
giving the reactors long life lengths, 14-15 years have been reported (Long et 
al., 2011; Robertson et al., 2008) and nearly 40 years has been estimated 
(Warneke et al., 2011).  
A recent meta-analysis including 57 field and laboratory scale woodchip 
reactors showed that nitrate removal rates in column experiments and bed type 
reactors are not significantly different from each other. Bed type reactors remove 
4.7 g N m-3 day-1 and laboratory types 3.5 g N m-3 day-1 (Addy et al., 2016). The 
bed type reactors had significantly lower removal rates if the HRT were <6 hours 
or if the reactors were more than one year old. Nitrate removal rates were in the 
same range in a woodchip reactor built for treating mining water, where the 
average nitrogen removal was around 7 g N m-3 day-1 at a retention time of ca 
2.4 days (Nordström and Herbert, 2018). Not surprising, the meta-analysis 
showed that temperature affected the reactor performance; the nitrogen removal 
rate increased more than 2 times per 10 °C increase (temperature range 3-20 °C). 
Other studies addressing temperature and HRT as factors determining woodchip 
reactor performance show similar results (Hoover et al., 2016; Nordström and 
Herbert, 2017).  
Many other carbon rich substrates have been tested for their suitability as 
electron donors. The possibility of using waste products has been important 
when considering which materials to choose. Rice hulls, cotton, cardboard, 
seaweed, newspaper and numerous mixtures of these and others are substrates 
that have been tested (Fowdar et al., 2015; Della Rocca et al., 2006; Greenan et 
al., 2006; Ovez et al., 2006; Volokita et al., 1996). It seems like many cellulose-
based substrates are suitable as electron donors in denitrifying bioreactors as 
long as the HRT can be adjusted.  
Other factors influencing nitrate removal rates 
The concentration of nitrate in the influent water is a rate-limiting factor (Addy 
et al., 2016). From a strict nitrogen removal point of view, it is of less 
importance; removal rates do not need to be high if the concentrations are low. 
However, if nitrate is fully depleted from the system other, non-wanted, 
biologically mediated chemical reactions can take place. The substrate carbon 
quality in terms of fibre composition also influences the removal rates (Schmidt 
and Clark, 2013) but there is no clear correlation between dissolved organic 
carbon (DOC) and removal (Fowdar et al., 2015). Denitrification can be 
enhanced by addition of external carbon, for example methanol. This is common 
practice in wastewater treatment plants but it is not typical for managing reactors 
in the field. Besides the practical and economical aspects, the fundamental idea 
is that these reactors need to function per se. To shorten the start-up phase of a 
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bioreactor, the substrate can be inoculated with denitrifying microorganisms. 
This can be particularly useful in laboratory experiments were reactors are fed 
with synthetic wastewater or groundwater (Zhao et al., 2018; Healy et al., 2012) 
but has also been used in field experiments (Nordström and Herbert, 2018, 
Mankiewicz-Boczek et al., 2017, paper I). In a reactor treating agricultural 
drainage this is not necessary; organisms capable of denitrification are 
ubiquitous in agricultural soils (Philippot et al., 2007) and will with time 
populate the substrate surfaces. 
As described above, studies addressing nitrate removal in denitrifying 
bioreactors are diverse. The reported nitrate removal rates are based on 
woodchip reactors treating tile drainage from agricultural fields or on small-
scale, 2 - 200 L, laboratory reactors packed with different substrates. Moreover, 
the reactors treat different types of contaminated water. The differences in both 
water types and other conditions make quantitative comparisons of nitrate 
removal efficiencies between studies difficult. Still, I conclude that the overall 
trends are more dependent on substrate type and HRT than on which type of 
water that infiltrates the bed. 
4.2 Potential adverse effects 
There is a potential risk of negative environmental effects with bioreactors. 
Environmentally harmful compounds can leave the system either as solutes in 
the effluent water or as gas emissions from the bed itself. It is important to have 
knowledge about the chemical and biological dynamics in the system to avoid 
swapping one environmental problem, nitrate, to another. Therefore, many 
studies in the area have focused on how to design and operate the reactors to 
mitigate the negative effects (Christianson and Schipper, 2016; Healy et al., 
2012). In woodchip reactors, the potent greenhouse gas N2O is mainly found 
dissolved in the water phase (Warneke et al., 2011) and conditions favouring 
N2O production seem to be low temperature and low nitrate removal rates 
(Nordström and Herbert, 2018).  Nevertheless, the overall N2O emitted from 
woodchip reactors are considered minor (Healy et al., 2012). Nitrous oxide 
emissions from other substrates are found to be higher (Feyereisen et al., 2016; 
Warneke et al., 2011).  Production of the greenhouse gas methane (CH4) by 
methanogens can take place at reducing conditions and low levels of nitrate. At 
the start-up of a bioreactor, reducing conditions might occur due to high levels 
of DOC, but when CH4 has been detected in woodchip reactors, it is in most 
cases transient (Nordström and Herbert, 2018) or in low concentrations 
(Warneke et al., 2011). With other substrate types, higher CH4 emissions have 
been reported (Healy et al., 2012). The decrease in CH4 emissions with time of 
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bioreactor operation can be explained either by the organic material being 
washed out or consumed. Washout of organic material is in itself an 
environmental risk since it can result in low oxygen levels in the receiving water 
bodies when the material is degraded. Initial high levels of carbon released from 
reactors with woodchips or a variety of other cellulose materials decline and 
stabilise (Grießmeier et al., 2017; Cameron and Schipper, 2010) although non-
woodchip reactors seem to release more carbon than woodchip reactors 
(Feyereisen et al., 2016; Warneke et al., 2011). Control measures include 
regulation of HRT or the use of pre-treated (e.g. weathered or washed) 
woodchips (Christianson and Schipper, 2016; Schipper et al., 2010b). In addition 
to carbon and dissolved gases, nitrite and ammonium are non-wanted effluent 
solutes. Nitrite concentrations reported from woodchip reactors are in general 
low, or high only during the start-up period of a reactor (Nordström and Herbert 
2018, paper I). Ammonium levels in both woodchip and other type of reactors 
also decrease after some time (Cameron and Schipper, 2010) and steady state 
ammonium levels of 1-6 mg N L-1 are reported (Healy et al., 2012). For 
comparison, the limit for fishing waters in Sweden is 1 mg L-1 as ammonium 
(SFS 2001:554). 
4.3 Main removal pathways and microbial communities 
Ideally, the nitrate will undergo full denitrification and be converted to N2 while 
passing through the reactor. Denitrification being the nitrate removal pathway 
was suggested already in 1995 (Robertson and Cherry, 1995) and since then, 
several studies both at the field- and laboratory-scale, have verified that 
denitrification is the major nitrate removal process in woodchip reactors 
(Nordström and Herbert, 2018; Greenan et al., 2006; Schipper and Vojvodić-
Vuković, 2000).  
The competing process DNRA can occur if the C/N ratio is high. In woodchip 
reactors, Nordström and Herbert (2018) found that DNRA increases at 
temperatures below 5 °C and Greenan et al. (2006) reported that DNRA account 
for < 4 % of the total nitrate removal, although reports on DNRA in woodchip 
bioreactors are scarce. DNRA has been detected in reactors with other types of 
solid substrates, but only contributing to less than 15 % of the total nitrate 
reduction (Grau-Martínez et al., 2017; Fowdar et al., 2015).  
In paper I, we reported low abundances of anammox, but in general, there are 
few reports on the pathway in denitrifying bioreactors. It is only mentioned as a 
conceivable but unlikely reaction as it is not likely to occur in systems with high 
availability of carbon (Schmidt and Clark, 2013; Warneke et al., 2011; Schipper 
et al., 2010a). 
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A handful of studies have investigated microbial community compositions in 
bioreactors using qPCR. It is difficult to generalize from these studies, as DNA 
extraction methods varies within and between studies, there are often high 
variability between replicate analyses and unlikely ratios between gene 
abundances are reported. Nevertheless, spatial patterns in functional gene 
abundances with depth and length of bioreactors have been reported (Andrus et 
al., 2014), as well as seasonal differences and recurring annual patterns in total 
bacterial communities (Porter et al., 2015). So far, the composition of the 
bacterial communities have not been extensively explored as DNA sequencing 
methods were only recently used to assign microbial communities in cellulose-
based denitrifying reactors to taxonomic groups (Griessmeier and Gescher, 
2018; Grießmeier et al., 2017). Hence, it is not known to which extent an 
established community originates from the inoculum or from the substrate itself. 
Hathaway et al. (2015) demonstrated that both total and denitrifying bacterial 
communities from several woodchip reactors were similar between the reactors 
and distinct from communities in nearby habitats, suggesting that the substrate 
rather than the inoculum drives the composition of the community. 
4.4 The bioreactors studied in this thesis 
In paper I, a pilot scale denitrifying bioreactor was constructed to treat nitrate-
rich mine effluents from the LKAB mine site in Malmberget. It was constructed 
as a lined compartment bed-type of bioreactor with sawdust and gravel in a 27 
m3 container (“lined”) and was placed directly on the ground. To establish steady 
flow, the reactor was operated for one season (May-October 2010). The actual 
experimental period with measurements of temperature, in- and outlet 
concentrations of reactive nitrogen species and alkalinity as well as the tracer 
test took place during the summer 2011. Substrate samples for DNA extraction 
were collected when the reactor was excavated in June 2012, directly after the 
winter period when it had been frozen. 
The reactors in paper II were constructed in 0.5 L glass cylinders packed with 
three cellulose-based substrates, barley straw, the sedge Carex rostrata and pine 
woodchips. They were continuously fed with water from the clarification pond 
at the LKAB Kiruna mine site, at 10 °C for 10 months. The in- and outlet water 
chemistry was monitored regularly and material from the reactor bed was taken 
for DNA extraction and analyses of the microbial communities with monthly 
intervals. 
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Performance 
In the Malmberget reactor, complete removal of the incoming nitrate was 
achieved (>95 %) during fail-free operation, corresponding to 5-10 g N m-3 (bed 
material) day-1 at a retention time of ca. 15 hours and temperatures between 15 
and 21 °C (Fig. 2a, paper I). Although not directly comparable to a woodchip 
reactor, the nitrate removal capacity was within the range of what has been 
reported for other reactors (Addy et al., 2016). However, sufficient removal rates 
in the Malmberget reactor were only achieved after addition of external carbon 
in the form of acetate. Before the addition, only 14 – 47 % of the nitrate was 
removed. The carbon release rate from the sawdust was likely not high enough 
to support full removal of nitrate. Intuitively, the small grain size would offer 
more surface for biofilm growth for denitrifiers, but sawdust was not more 
effective when compared to woodchip (Schmidt and Clark, 2013). Instead, the 
proportion of organic material is important and the wood:sand ratio has been 
shown to correlate with nitrate removal (Schmidt and Clark, 2013). Thus, in the 
Malmberget reactor the ratio was probably too low as sawdust was mixed with 
three volumes of gravel, to allow for higher permeability. 
The woodchip columns in paper II had a lower nitrate removal capacity, 1-2 
g N m-3 day-1 after the start-up period of six months (Fig. 1, paper II). However, 
when expressing the rate per volume of substrate instead of volume of water, a 
rate of ~4 g N m-3 day-1 was obtained, which is very close to what has been found 
in lab-reactors in a meta-analysis (Addy et al., 2016). In accordance with other 
studies, the non-woodchip reactors in our study (Fig. 1, paper II) were 
significantly more efficient than woodchip reactors in removing nitrate 
(Warneke et al., 2011; Schipper et al., 2010b; Greenan et al., 2006).  
Apart from removing nitrate, the woodchip reactors also produced nitrite, 
especially in the beginning of the experiment, whereas the straw and sedge 
reactors had outlet nitrite concentrations close to the inlet concentrations (Fig. 
S1a, paper II). For ammonium, there was no significant change between in- and 
outlet concentrations at any of the time points evaluated in the woodchip 
reactors, but accumulation of ammonium was observed in the straw and sedge 
reactors (Fig. S1b, paper II). Initial flushes of the ions could be a simple 
washout-from-the-substrate effect, differing between substrates but nitrite and 
ammonium could also have been produced by the microorganisms present in the 
substrate. To better understand why the substrates performed differently from 
each other, we investigated the microbial communities performing the different 
reaction pathways underlying the contrasting patterns and nitrate removal rates. 
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Functional groups involved in nitrogen transformations 
In both paper I and paper II, we investigated the abundance of the denitrifying 
and anammox communities using qPCR. To my best knowledge, there are no 
studies specifically addressing these communities in cellulose-based bioreactors 
treating mine effluents. Existing reports from mine water treatments are either 
from other types of reactors or only investigate the total bacterial communities 
(Papirio et al., 2014; Karkman et al., 2011). 
In comparison to denitrification, anammox did not seem to be an important 
process based on the qPCR data. Genes associated with anammox were found in 
the Malmberget reactor, but the abundances were very low, suggesting that this 
is not a major nitrate removal pathway (paper I). Anammox could not be detected 
in the reactors in paper II. However, since different primer pairs were used in 
the two studies, the results are not comparable. A taxa-specific part of the 16S 
rRNA gene was used in paper I and in paper II the qPCR target was the 
functional gene hdh (hzo). 
The abundances of the denitrification genes differed in the different 
substrates in the paper II bioreactors (Fig. 4c-f, paper II). With exception of the 
nosZI gene, all gene abundances were lower in the woodchip substrate compared 
to straw and sedge, which could be a rationale behind the lower nitrate removal 
rates in the woodchip reactors. In contrast to in many other habitats (Jones et al. 
2013), the ratios between nosZII and nosZI abundances were below 1 for the 
substrates and reactor types studied here. The nosZII gene dominate among N2O-
reducing bacteria that do not denitrify (Graf et al., 2014, Jones et al., 2013). This 
suggests that nosZI, most often found in denitrifiers, are favoured under 
denitrifying conditions and could hence be an explanation for the high 
abundance of nosZI relative to nosZII found in our bioreactors (papers I and II). 
The ratio between nos and nir genes gives information about the potential for 
reduction of N2O produced in a system. All substrate types in the lab-scale 
reactors had a lower ratio, i.e. higher risk, of emitting N2O compared to the pilot-
scale reactor. The lower temperature in the lab-scale reactors could be an 
explanation as low temperature increase the risk of N2O-production (Nordström 
and Herbert, 2018). 
In paper II we also quantified the abundances of the functional marker gene 
nrfA, indicating DNRA. In accordance with the accumulation of ammonium in 
the straw and sedge reactors, these two substrates both displayed higher genetic 
potential for the production of ammonium by DNRA (Fig. 4b, paper II). 
Water may flow in preferential paths through the reactor bed, leading to that 
the entire volume of the bed might not be efficiently used. We investigated if 
there were spatial variation in the abundances of functional groups in the reactor 
material, indicating preferential flow paths. No spatial variation was detected in 
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the lab-reactors in paper II, but variations in all three dimensions were found in 
the pilot-scale Malmberget reactor in paper I. The closed glass cylinders in the 
laboratory experiment probably provided a more homogenous environment and 
were operated during a shorter time period, and thereby had less fluctuating 
communities. These reactors were nearly always fully water saturated, operated 
at constant temperature, receiving the same water and with no depletion of 
nitrate, while the pilot-scale reactor was operated at ambient conditions, 
allowing for differences in oxygen availability and fluctuations in temperature. 
Moreover, the sawdust in the pilot-scale reactor could likely move due to 
flowing water and thereby preferential flow paths were developed (paper I). In 
contrast to our study in the Malmberget reactor, Andrus et al. (2014) did not find 
spatial variations in the denitrifying community, but this conclusion was based 
only on nosZ gene fingerprints. In the Malmberget reactor, the nosZ community 
varied less than the nirS and nirK communities in the longitudinal transects. 
Divergent colonization patterns between the nosZI and nosZII communities, 
spatially in the pilot-reactor and substrate dependent in the lab-reactors, indicate 
that the organisms belonging to the two clades have various responses to the 
environmental conditions.  
Microbial community composition and diversity 
The community composition and diversity in the lab-reactors were 
investigated over the course of the experiment by sequencing part of the 16S 
rRNA gene (paper II) and we showed that the microbial community that 
established in a reactor was depending on substrate type. During the first five-
six months, the alpha-diversities in all substrates increased after which they 
remained stable until the end of the experiment. The woodchip reactors had the 
lowest alpha-diversities while the diversities in the straw and sedge reactors were 
higher (Fig. 5). 
 
 
 
 
31 
Figure 5. Shannon´s diversity index in the sludge used for inoculating the reactors and in the 
different reactor types during the experimental period (mean, n=3).  
The approximate time point where the plateau levels were established coincided 
with the patterns observed for the gene abundances and nitrate removal. It was 
most clear in the woodchip reactors, where the abundances of all genes 
quantified, with the exception of nosZI, remained unchanged, as did the nitrate 
removal rate (Figs. 1 and 4, paper II). The three substrates had their own distinct 
community patterns, developed over time, as was shown by a non-metric 
multidimensional scaling (NMDS) analysis (Fig. 2, paper II). The microbial 
community composition in the inoculum sludge was also unique. 
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Tailings and clarification impoundments at mine sites give opportunities for 
nitrogen removal. Their large areas and long water retention times are important 
for the several ways in which nitrogen can be transformed. Nitrogen uptake in 
biomass is obvious if the pond is vegetated, but even if macrophytes are sparse 
or missing, nitrogen can be assimilated by phytoplankton. Further, nitrogen can 
be retained by permanent burial in the sediments. Nitrogen can also be 
permanently removed by microorganisms present in the sediment that can 
reduce nitrate via denitrification or anammox. It has been suggested that 
denitrification contributes the most to nitrogen removal in mine impacted waters 
(Chlot et al., 2011). 
Denitrification takes place in the sediments of many water bodies. In 
wetlands, nitrate is often rate limiting for denitrification (Kjellin et al., 2007). 
However, availability of labile carbon can be the rate-limiting factor in lakes and 
riparian zones with groundwater inflow (Trauth et al., 2018; Stoliker et al., 2016) 
but also in mine ponds (Nilsson and Widerlund, 2018). The origin of organic 
carbon in sediments can be settled phytoplankton and detritus from plants 
(Hellemann et al., 2017; Bastviken et al., 2005) and a previous study at the 
Kiruna mine site suggests that a significant proportion of the organic matter in 
the pond sediments come from phytoplankton (Ecke et al., 2013). In the absence 
of organic carbon, autotrophic denitrification utilizing other electron donors can 
take place. This might be the case in ponds at mining sites, since the content of 
organic carbon is low and sulphur compounds and metal ions are often present. 
5.1 Findings in the Kiruna mine site ponds 
To better understand the nitrogen removal potential in the Kiruna mine site 
ponds, we measured chemical, biochemical and biological parameters in the 
water and sediments (paper III). We sampled sediment and water from the 
5 Nitrogen removal in pond sediments  
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tailings and clarification ponds (Fig. 4). Chemically, the ponds differ from each 
other in both water and sediment parameters, with the tailings pond having 
higher levels of the anions sulphate, nitrite, nitrate and ammonium as well as of 
total phosphorous in the water (Supplementary Table 1, paper III). A principal 
components analysis clearly distinguishes the differences within and between 
the ponds (supplementary Fig. 1, paper III). The clarification pond had higher 
levels of total organic carbon in the water, reflected also in the sediment organic 
and total carbon content. Despite the differences in carbon content, no difference 
in endogenous denitrification rate (i.e. without adding carbon to the assay) was 
found between the two ponds but as expected, the denitrification rates after 
adding carbon increased significantly in both ponds (Fig. 6).  
  
Figure 6. Potential denitrification activity in the tailings and clarification ponds at the LKAB mine 
site in Kiruna with and without addition of carbon. x within boxes denote the mean. Different letters 
above the boxes indicate significant differences within each pond (p<0.05). Tailings pond n=8, 
clarification pond n=10. 
The heterogeneities in the sediments´ chemical compositions and in 
denitrification rates were also reflected in the bacterial community 
compositions. Similar to the ordination based on the chemical parameters, the 
NMDS displayed the sampling clusters in the clarification pond (Fig. 7). In 
addition, the samples from the deeper area in the tailings pond grouped together. 
The alpha-diversity did not differ between the ponds but the community 
composition did (Fig. 5a-b, paper III). Bacteria in the orders Flavobacteriales 
and Pseudomonadales dominated both ponds. In the tailings pond, order 
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Oscillatoriales, genus Phormidium was present, originating from one single 
sample, a shallow spot where biofilm was clearly visible on the surface of the 
sediment. Only the tailings pond had representatives for microorganisms capable 
of autotroph denitrification, genera Rhodobacter and Sulfuritalea, logic from the 
lower organic carbon content in sediment and water. 
5.2 Carbon additions to pond sediments 
Since the denitrification rates in both ponds were limited by available organic 
carbon, we performed a microcosm experiment, where sediment from the 
clarification pond was amended with carbon to see if long-term treatment would 
increase denitrification (paper III). We chose algae and a cellulose type of carbon 
because of their photosynthetic origin. Supporting algal growth in the ponds 
could potentially be a way of supporting denitrification in the ponds. Today, 
phytoplankton growth in the ponds is limited by phosphorous (Chlot et al., 2013) 
so altering the P levels would be needed to increase growth. 
Both algae and acetate addition resulted in complete removal of nitrate (i.e. 
nitrate+nitrite) from the water after approximately three weeks (Fig. 3a, paper 
III). After the treatment period, the potential denitrification rates in the sediments 
had increased in the algae treatment and in the positive control with acetate. The 
negative control and the hydroxyethylcellulose (HEC) treatment resulted in 
lower potential denitrification rates, likely because the organic carbon originally 
present in the sediment had been depleted (Fig. 2, paper III). In the HEC 
treatment, the total organic carbon in the overlaying water was increasing and 
reached a constant high level, indicating that the compound was not degraded 
and could not be used for denitrification (Fig. 3c, paper III). Although additions 
of detritus promote denitrification rates (Bastviken et al., 2005), HEC was 
obviously not a good choice to represent decaying plant material.  
The increase in denitrification rates in the algae and acetate was not reflected 
by the abundances of nirS and nirK genes as they did not increase 
(Supplementary Table 4, paper III). A similar result was found in boreal lakes 
by Saarenheimo et al. (2015), other factors must have determined the 
denitrification rates. The quality of the added carbon most probably played a 
role; acetate is processed directly in the cell whereas the more complex algae 
carbon needed degradation before it could be used as electron donor. The 
metabolic pathways needed to exploit the different carbon resources is one factor 
determining which specific taxa were enriched for in the four treatments. 
However, the qPCR data helps in interpreting why the production of N2O was 
lowest in the acetate treatment. In this treatment, the ratio between nos and nir 
genes was about three times higher than in the other treatments, showing a higher 
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potential for consumption of produced N2O (Fig. 4, paper III). The qPCR data 
also pointed to that anammox was minor in relation to denitrification and that 
DNRA could be an important nitrate reduction pathway in the algae treatment 
(Fig. 4, paper III). The latter coincided with the observed ammonium dynamics  
In line with the other parameters, the sediment treated with HEC and 
sediment in the water control did not differ from each other regarding 
community composition (Fig. 7) or alpha-diversity. Treatments resulting in 
higher denitrification rates had lower alpha-diversities and community 
compositions differing from the other treatments. Nearly half of the sequences 
in the algae treatment represented the order Bacteroidales, which is not 
surprising since many bacteria belonging to this taxon are known to degrade high 
molecular weight organic compounds. The acetate treatment had high numbers 
of Desulfobacterales indicating sulphur reduction, a process that could be 
detected by sulphide odour in the later half of the experiment.  
 
Figure 7. Non-metric multidimensional scaling of the bacterial communities in the sediment 
samples from the ponds and from the microcosm experiment. Pond samples numbered according 
to Fig. 4 and colour indicate sample origin. Microcosm treatments and the original sediment sample 
used in the microcosm experiment are shown as coloured diamonds. Stress value=0.040. 
Based on the microcosm experiment in paper III, we conclude that although 
algae improved denitrification, negative environmental impacts were detected. 
We found that this treatment caused substantial CH4 and N2O production, and 
the ammonium levels in the water were orders of magnitudes higher than in the 
other treatments. The amount of carbon added in the lab-experiment was four 
times the stoichiometric demand for denitrification and this could of course be 
more balanced to avoid adding excess carbon leading to unwanted processes like 
DNRA or methanogenesis.  
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The aim of this thesis was to investigate and identify factors that underpin 
microbial nitrogen removal from mining process water.  
In paper I we reported on a field bioreactor treating mining discharge water 
and showed that denitrification was the main nitrate removal pathway. However, 
addition of acetate was needed to achieve high efficiency. After addition of 
acetate, the nitrate removal capacity was in the range of woodchip reactors 
treating agricultural drainage, 5-10 g N m-3 day-1. There were also strong 
indications that preferential flows developed in the reactor. If so, only a part of 
the total volume of the denitrifying bed contributed to the removal. The change 
in hydraulic conditions might have been a result of clogging in the reactor caused 
by the fine grain size of the sawdust and by biofilm growth on the surfaces of 
the substrate. Spatial distribution patterns were found for the denitrifying 
bacterial community, with higher abundances in the deeper, more water 
saturated levels and distinct patterns for the nirS and nirK genes along the flow 
paths through the reactor. For future reactors, the problems with the hydraulic 
conditions might be overcome with improving the design of the in- and outlet 
pipes and woodchips would potentially be a better substrate choice compared to 
the sawdust/gravel mixture used in the pilot-reactor in paper I.  
In paper II, we investigated how nitrate removal capacities and microbial 
community compositions in lab-scale reactors containing woodchips, barley 
straw or the sedge Carex rostrate developed over time. All reactor types reduced 
the nitrate by denitrification without need for external carbon additions. 
Nevertheless, nitrate removal rates differed between the substrate types. The 
woodchip reactors had lower removal rates compared to straw and Carex, likely 
explained by the lower abundances of denitrifiers present in these reactors. 
Unique bacterial communities established in each of the three substrates, 
although all reactors were inoculated with the same sludge and fed with the same 
water. This clearly points to the importance of the substrate properties, both in 
terms of endogenous microbial communities and of chemical composition, and 
6 Summary and concluding remarks 
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potentially also physical properties of the substrate. The reason for testing sedge 
as bioreactor substrate was based on a previous finding in the miNing project; 
Carex rostrata is a very efficient plant for nitrogen uptake in biomass and a good 
candidate plant for constructed wetlands for nitrogen removal at the Kiruna mine 
site. Harvesting the sedge at the end of the growth season and using it as a 
bioreactor substrate would not only remove nitrogen by assimilation, but also 
supply the energy needed for denitrification in the reactor. Mixing sedge into the 
woodchip bed may be a way of increasing the efficiency in denitrifying reactors. 
Approaches with mixed reactor material have been tested, but not in field scale. 
It remains to be tested and focus must be on potential adverse effects and life 
length of such mixed-substrate bioreactors.  
In paper III, we found that the denitrification rates in the pond sediments at 
the Kiruna mine site are limited by organic carbon availability. We also showed 
that the two ponds differed in their community compositions. Further, we found 
that treatment with carbon in the form of algae enhanced denitrification. Even 
though the denitrification rate increased with algae treatment, the abundance of 
nir genes did not, again pointing to the specific composition of the microbial 
community as a determining factor for nitrate removal. Moreover, negative 
effects in the form of release of ammonium and CH4 were detected in the algae 
treatment. These are some of the challenges that need to be considered when 
attempting to increase the denitrification rates in the pond sediments. 
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